Steroid compounds have been globally detected in surface waters. The ecological impacts of these biologically active chemicals are largely unknown. Toxicity of testosterone and 4-hydroxyandrostenedione was assessed for the freshwater cladoceran Daphnia magna. Acute toxicity tests showed that 6.20 mg L À1 of testosterone, the highest concentration tested, did not have effect on the daphnids, whereas 4-hydroxyandrostenedione had an EC 50 of 4.26 mg L
Introduction
The presence of toxic agents in the ecosystem has increased in recent years, especially in aquatic environments. Some chemical products that are released into the environment interfere with the endocrine system of organisms by decreasing sperm count, inducing hormone-sensitive carcinomas (e.g. female breast cancer, testicular, and prostate cancer) in humans, and by causing reproductive abnormalities, feminization of fish and a decrease in the reproductive rate of birds and other wildlife (Colborn, 1995; Guillette and Craine, 2000; Stalschmidtallner et al., 1997; Tyler et al., 1998; Sumpter, 1998) .
Anthropogenic chemicals, including natural and synthetic steroid hormones, phytoestrogens, pesticides, surfactants, polychlorinated biphenyls, and pharmaceuticals compounds have been found to have endocrine-disrupting properties (Falconer et al., 2006) .
The attention in the field of endocrine-disruption has been focused to the estrogenic effects of chemicals (Folmar et al., 2002; Petrović et al., 2004) . More recently, the androgenic and antiandrogenic activities of chemicals have been described in association with paper and pulp mill effluents (Svenson and Allard, 2004) , rivers (Thomas et al., 2002) , and effluents from wastewater treatment plants (Blankvoort et al., 2005) . While androgenic activity in rivers may be a partial result of microbial degradation of phytosterols to progesterone and then to androgens (Jenkins et al., 2004) , anti-androgenic activity is derived from anthropogenic chemicals (Sumpter, 2005) . Naturally occurring reproductive hormones such as 17b-estradiol, testosterone, and their metabolites are commonly detected in sewage treatment works (STW) effluents (Desbrow et al., 1998) . Kolodziej et al. (2004) reported that dairy wastewater, aquaculture effluents, and even spawning fish as sources of steroids hormones (testosterone, androstenedione, estrone) in aquatic environment.
The estrogenic and androgenic steroid hormones are excreted by vertebrate organisms in the free form or as conjugates (Panter et al., 1999) . They are chemically very stable, highly lipophilic and poorly soluble in water (Table 1) hence their biological properties will have a strong impact on non-target species (Henschel et al., 1997) .
Testosterone (17b-hydroxy-4-androstene-3-one), a C 19 steroid (Table 1) , is the most potent naturally secreted androgen in vertebrates and can be used in endocrine therapy as well as being a prohibited substance in human sport (Cowan and Kicman, 1997) . The 4-hydroxyandrostenedione (4-OHA; Formestane; Table 1 ) is a derived compound of androstenedione that can be formed from testosterone by a synthetic pathway of androgens in vertebrates (Recanatini et al., 2002) . This compound inhibits the enzyme aromatase, which is responsible for the conversion of androgens to oestrogens, and by this mechanism is used in the treatment of breast cancer (Brodie et al., 1977; Lonning, 1998) . The aromatase inhibitors (e.g. 4-OHA) are steroid compounds used clinically and are an androgen alternative used in aquaculture for the production of monosex Nile Tilapia (Lee et al., 2006) or sterile populations of fishes (Piferrer, 2001; Devlin and Nagahama, 2002) . Although the concentrations in aquatic environment are relatively low (ng L À1 ) the high dosages of exogenous steroids used in aquaculture for manipulation of sex differentiation on in fish (Devlin and Nagahama, 2002) , become potentially significant because aquaculture effluents are often discharged to receiving waters with little or no treatment and the concentrations of these compounds exhibit considerable temporal and spatial variation (Kolodziej et al., 2004) .
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Thus, the aim of this study was to evaluate the aquatic toxicity of testosterone and 4-OHA, using Daphnia magna, a freshwater zooplankton. Daphnids are routinely used in aquatic toxicology bioassays because of their rapid reproduction, sensitivity to their chemical environment, and their critical role in freshwater ecosystems (Baird et al., 1989) . In aquatic food webs daphnids play an important role intermediating between primary producers and fish, and their life-history changes can trigger community or ecosystem-level responses.
The present study assessed the toxic effects of testosterone and 4-OHA on acute and sub-lethal responses of D. magna using survival, growth, moulting frequency, fecundity and fertility as endpoints.
Materials and methods

Organism and culture conditions
D. magna (clone A sensu, Baird et al., 1989) obtained from laboratory stock cultures was used throughout this study. Neonatal daphnids were obtained from All experiments were initiated with third to fifth brood neonates (p24 h old) from a single clone derived from a healthy parent stock. Test conditions were similar to culture conditions. During the experiments temperature, dissolved oxygen, pH, total hardness, and conductivity were monitored weekly.
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Chemicals and test solutions
High purity (98-99.9%) standard of testosterone was purchased from SigmaAldrich (St. Louis, MO, USA). The compound 4-hydroxy-androst-4-ene-3,17-dione or 4-OHA was synthesized and purified by Tavares da Silva et al. (1996) in the Laboratory of Pharmaceutical Chemistry, Faculty of Pharmacy, University of Coimbra, Portugal.
Stock standard solutions of testosterone and 4-OHA were prepared in dimethyl sulfoxide (Barbosa et al., 2003) ; the concentration of the solvent in the medium was less than 0.01%, including the control groups. Two stocks solutions of testosterone (0.35 and 0.1 M) and 4-OHA (0.27 and 0.18 M) were made. Test solutions were prepared immediately prior to the tests by diluting the stock solution in ASTM medium for each test. The solvent controls were included in all tests.
Acute toxicity
The acute test was carried out in accordance with OECD guidelines (OECD, 2000) for the determination of the inhibition of mobility of D. magna. In brief, this involves the separation of gravid females into 400 mL beakers containing 300 mL of fresh culture medium and the subsequent collection of newly released neonates (o24 h old). The neonatal daphnids were exposed to the control medium, control solvent, testosterone and 4-OHA nominal concentration range of 2.5-6.2 and 2.5-7.4 mg L
À1
, respectively. Each treatment concentration of four 100 mL beakers contained 50 mL of test chemical and five neonatal Daphnia. Test organisms were not fed during the course of the experiment. Test vessels were maintained for 48 h at 2071 1C in a 16:8 h photoperiod. The endpoint examined was immobilization, defined as inability to swim (actively move) after 15 s of gentle agitation.
Chronic toxicity
The chronic test was carried out in accordance with OECD guidelines (OECD, 1998) for long-term toxicity testing. Ten replicated beakers (culture vessels) were filled with the appropriate volumes of ASTM and stock solutions. Daphnids used in the 21-day chronic assays, both those control and those for each compound concentration tested, were individually cultured in 50-mL glass vessels. The assay was performed with nominal testosterone and 4-OHA concentration range of 0.15-2.48 and 0.22-0.84 mg L
À1
, respectively. Each dilution of the test chemical consisted of ten 100 mL beakers containing 50 mL of test chemical and one neonatal Daphnia. The test was carried out on a semi-static basis and test solutions were renewed three times a week. The test duration was 21 days and the organisms were fed as previously described. During the experiments the temperature, dissolved oxygen and pH were measured weekly to verify if they were not affecting biological responses. Reproduction was assessed by recording the following parameters during the test: fecundity (total number of eggs-viable and no-viable eggs) produced per female, fertility (total number of viable eggs) produced per female and the number of broods produced by female. Embryonic development abnormalities were assessed by the examination of neonates with a microscope. Thus, the number of aborted eggs and the production of male offspring were recorded. The survival and moulting frequency were parameters examined. The moulting frequency was measured by visual detection of exuvia in the individual test vessels.
Growth was assessed by measuring the length of the first exopodite of the second antenna (AL) of the first moult and of the last moult released within the 21-day period of the tests. The body length (BL) of D. magna was obtained using a relationship obtained by measuring the AL and BL of 416 D. magna individuals during their life cycle: BL (D. magna) ¼ 10.558 Â AL (D. magna)À0.3457 (mm) (r 2 ¼ 0.962) following the procedure of Soares (1989) . The survival and moulting frequency were parameters examined. The entire reproduction tests fulfilled the validity clauses of a production of a mean number of offspring in the controls X60, a coefficient of variation less than 25%, and control mortality lower than 10%.
Statistical evaluation of data
The number of immobilized organisms from acute immobilization test was plotted against the test concentrations, and a 48 h EC 50 with a 95% confidence limit was calculated using standard probit procedure (Finney, 1971) .
Data from chronic tests were analyzed using one-way analysis of variance (ANOVA) followed by Dunnett's test to compare treatments with the controls (Zar, 1996) . A nested ANOVA was used for analysis of the data of fecundity and fertility, after logarithmic transformations to correct for deviations from normality. This analysis was performed using MINITAB Statistical Software TM Inc., PA, US, 2000.
Significance testing was performed on all data and when applicable significant differences (po0.05) are indicated. Tukey's test was used to assess the differences between treatments. The significance level used for all statistical tests was 0.05.
Results
Acute toxicity
The highest testosterone concentration tested (6.20 mg L À1 ) corresponds to the maximum solubility of the compound in the ASTM medium. At this concentration, testosterone had no effect on mortality and immobilization of daphnids during the 48 h exposure period.
The acute toxicity test for 4-OHA shows a 48 h LC 50 value of 4.2672.94-6.16 mg L À1 (95% C.I.). In both cases, controls survival was 100%.
Chronic toxicity
The maternal survival of daphnids exposed to testosterone and 4-OHA was always 100% and no effect was observed in the moults, brood production and BL for both compounds. The exposure of daphnids to testosterone and 4-OHA did not produce male offspring or other developmental abnormalities. Fig. 1a shows the effects of testosterone upon the fecundity and fertility of D. magna at the first brood. A reduction in reproductive output of females exposed to the concentrations 0.62, 1.24, and 2.48 mg L À1 was observed. Statistically significant differences were found between controls and treatment groups for age at release of the first brood (F 6,63 ¼ 3.65, po0.001) and fertility (F 6,63 ¼ 31.31, po0.001) .
The marked decrease in the number of neonates at 2.48 mg L À1 of testosterone reflects the increasing number of aborted eggs (95% of the eggs produced were aborted) although no changes in egg morphology were observed. Fig. 1b shows the effects of testosterone on the number of neonates produced (21 d) after bioassay. The fecundity (F 6,63 ¼ 16.84, po0.001) and the fertility (F 6,63 ¼ 33.65, po0.001), were both affected by testosterone but the calculated NOEC (0.15 mg L À1 ) and LOEC (0.31 mg L À1 ) values are the same for fecundity and fertility. No statistically significant differences were found between the control treatments (ASTM and ASTM+DMSO), for both fecundity (two-way ANOVA: F 1,72 ¼ 0.54; p ¼ 0.463) and fertility (two-way ANOVA: F 1,72 ¼ 0.44; p ¼ 0.510) at 21 days of assay, thus results from these treatments were grouped together in the ANOVA analysis.
A nested ANOVA using concentration as fixed factor and the brood as a hierarchical factor were used to evaluate these results. The fecundity was significantly affected between concentrations (F 6,252 ¼ 9.02, po0.001) and broods (F 21,252 ¼ 70.83, po0.001) . All broods (except the second) showed reduction in fecundity at testosterone concentration of 2.48 mg L À1 relative to the control following Dunnet test (Fig. 2a) .
The data analysis for fertility assessed with a nested ANOVA, using fecundity as covariable, to evaluate fecundity-independent effects on fertility, showed significant differences between concentrations (F 6,242 ¼ 28.42, po0.001) and broods (F 21,242 ¼ 17.69, po0.001) (Fig. 2b) . The relationship between fecundity and fertility was also significant (F 1,242 ¼ 223.70, po0.001).
Statistically significant differences in the number of neonates produced between controls and treatments at the highest concentration of testosterone tested (2.48 mg L À1 ) for first clutch (F 6,63 ¼ 31.31, po0.001), third clutch (F 6,63 ¼ 26.54, po0.001) and fourth clutch (F 6,63 ¼ 33.65, po0 .001) as shown in Fig. 2b . However, the BL was not significantly affected by testosterone at either the first brood (F 6,63 ¼ 1.95, p ¼ 0.09) or at the end of the assay (F 6,63 ¼ 1.47, p ¼ 0.20).
The 4-OHA has no statistically significant effect in the total number of neonates produced by daphnids but a statistically significant effect in the total number of viable eggs at 0.84 mg L À1 (Fig. 3a) . No statistically significant differences between controls and corresponding treatment groups were recorded in the first brood (F 6,63 ¼ 1.95, p ¼ 0.09), at first brood and at the end of the bioassay (21st day) (F 6,63 ¼ 1.38, p ¼ 0.24).
The calculated NOEC (0.62 mg L À1 ) and LOEC (0.84 mg L À1 ) values were identical for fecundity and fertility. The marked decrease in the number of viable neonates at 0.84 mg L À1 of 4-OHA was due to the increasing number of dead neonates in the fourth brood. Fecundity was not significantly affected between concentrations (F 6,252 ¼ 1.86, p ¼ 0.09) as assessed by nested ANOVA. However, significant differences were produced by 4-OHA between broods (F 21,252 ¼ 70.83, po0.001) (Fig. 3b) .
Concerning the fertility, using the fecundity as covariable in the nested ANOVA, 4-OHA exposure resulted in statistically significant differences between concentrations (F 6,251 ¼ 8.29, po0.001) and between brood (F 21,251 ¼ 10.95, po0.001) for 0.84 mg L À1 and fourth brood, as shown in Fig. 3c ). The 4-OHA did not show statistically significant effects on growth of D. magna during the period of assay: first brood (F 6,63 ¼ 2.03, p ¼ 0.07); 21st day (F 6,63 ¼ 1.46, p ¼ 0.20).
Discussion
The purpose of this study was to test the acute and chronic effects of the steroid compounds, testosterone and 4-OHA, on D. magna life-history parameters. There have been evidences for a role of the vertebrate-type sex steroids (androgens, estrogens, progestogens) in the regulation of various reproductive processes in crustaceans (LeBlanc, 2000) . Testosterone is excreted into the environment from the same sources and in comparable amounts as 17b-estradiol (Lintelmann et al., 2003, Shore and Shemesh, 2003; Shore et al., 1995) , but the adverse effects of this steroid in the environment is scarce in literature.
Our results suggest that testosterone and 4-OHA induced acute and chronics effects in non-target species at concentrations at least one order of magnitude higher than those found at environment, e.g. a testosterone concentration of 0.116 mg L À1 in surface waters has been reported (Kolpin et al., 2002) . Furthermore, 4-OHA was more toxic for D. magna than testosterone: EC 50 being the 4.26 mg L À1 for 4-OHA and no toxicity was found for higher concentration of testosterone tested (6.20 mg L À1 ). Baldwin and LeBlanc (1994a, b) have shown that D. magna has the capacity to metabolize testosterone to polar and apolar metabolites. At sub-lethal concentrations, testosterone reduced significantly the number of viable offspring, and this was more pronounced at 2.48 mg L
À1
. The number of aborted eggs, mainly released in the first brood, also increased with increasing concentrations. The nonviable offspring were mainly represented by aborted eggs, although D. magna produced abnormal neonates at the highest concentrations. A positive association between the number of aborted eggs and the testosterone dose was observed suggesting that this compound reduced the reproduction of daphnids by interfering with the normal eggs development. Several authors (Baird et al., 1991; Guilhermino et al., 1999) verified that sodium bromide and 3,4-dichloroaniline (DCA) caused greater abnormal embryonic development, an increased level of abortion and reduced the total number of viable offspring released. In addition, the egg production was unaffected by chronic exposure to both chemical, which conforms to D. magna behavior (Baird et al., 1991) . They hypothesized that the effect of DCA on reproduction resulted from the direct poisoning of developing embryos in the brood chamber, not in the ovary. Future experiments should examine the development of parthenogenetic eggs in order to define testosterone action. Kashian and Dodson (2004) also reported that short-term testosterone exposure at 100 mg L À1 significantly reduced fecundity while long-term exposure did not produced the same effect, potentially indicating increased testosterone hydroxylation with long-term exposure. Daphnia are capable of hydroxylation testosterone at multiple sites by P450 enzymes (Baldwin and LeBlanc, 1994a) , giving an explanation for the lack effect in fecundity and fertility observed in our study at the concentrations 0.15 and 0.31 mg L
. It was also hypothesized that chronic exposure may require adequate time for cytochrome P-450 (CYP) induction and upregulation prior to release (Kashian and Dodson, 2004) . In another study, Kashian (2004) indicated CYP associated acclimation in Daphnia occurring 7-12 days (the time period in which the second-third broods are released) following the initial exposure to estrogenic pesticide toxaphene. This acclimation pattern corresponded, perhaps, with the second broods that did not show reduction of fecundity at testosterone concentration of 2.48 mg L À1 relative to the control. Because the toxicity can vary with duration of toxicant exposure, concentrations and stage of development of daphnids, the comparison of our results of acute and chronic toxicity tests with those previously reported is difficult.
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Some studies indicate that testosterone, which is structurally similar to estrogen, elicits embryo toxicity to daphnids by interfering with ecdysteroid activity (Mu and LeBlanc, 2002) . The authors have demonstrated that exposure D. magna to 1.15 and 2.30 mg L À1 testosterone significantly reduced the fecundity, had no effect on parental survival but delayed moulting and significantly increased developmental abnormalities in offspring. Developmental abnormalities induced by anti-ecdysteroids, including testosterone, can be associated with suppressed ecdysone levels in embryos and these abnormalities (carapace, antennae to severely developmentally arrested individuals) can be protect by co-exposure to 20-hydroxyecdysone (Mu and LeBlanc, 2002) . However, in our study no morphological abnormalities among the offspring or delays in moulting were observed. Instead, we observed a decrease in fecundity associated with an increase in aborted eggs. This clearly indicates a disruption of eggs development of the cladoceran D. magna as a result of continued exposure to androgenic compounds. Thus, testosterone can be a developmental toxicant in daphnids, acting as an anti-ecdysteroid because aborted eggs can be considered developmental abnormalities. The mechanism underlying the effects observed at 0.62-2.48 mg L À1 testosterone is unknown and needs further research.
Androstenedione is another steroidal compound, which is a precursor of testosterone that interferes with the development of daphnids (Olmstead and LeBlanc, 2000) . This compound elicits embryos abnormalities at 2.29 mg L À1 and appears less potent as a development toxicant when compared with testosterone. These observations suggest that steroidal androgens have a specific toxicity target in D. magna.
Another endpoint evaluated in the chronic assays was the effect of testosterone on male production. In vertebrates, this steroid compound is the principal male sex hormone and is responsible for male secondary sex characteristics. However, we did not observe the production of male offspring in response to testosterone exposure which agrees with LeBlanc and collaborators (2000). Furthermore, the eggs aborted and the development abnormalities produced by testosterone are not indicative of masculinization, being more consistent with a developmental disruption. As shown here testosterone interferes with endocrine function in daphnids resulting in development of toxicity in embryos, but this effect is not related to masculinization.
Beyond clinical pharmacokinetics, little is currently known about how the drugs anti-oestrogenics interacts with and changes within non-target organisms (Clubbs and Brooks, 2007) .
For 4-OHA, an anti-estrogen, this study demonstrates that this compound did not affect the number of neonates produced by D. magna. However, after exposing these organisms to 0.84 mg L À1 a significant mortality of neonates was observed at the 4th brood. The toxicity effect reported for testosterone was not observed for 4-OHA, which seems to indicate that this steroid compound elicits its toxicity by interfering with a different stage of normal development of eggs, inducing abnormalities in neonates that were not visible.
Currently available information in the literature on the specific effects of ant-estrogens on invertebrates is scarce. Faslodex or Fluvestrant is a steroidal anti-estrogen model and a selective oestrogen receptor modulator (SERM), also used in advanced human breast cancer treatment (Clarke et al., 2001) . Roepke et al. (2005) fecundity, ephippium production, adult size, changes in morphology, and sex determination of neonates produced during the short-term study (Kashian and Dodson, 2004) . Testosterone and 4-OHA induce toxicity in the first and fourth broods, respectively. This can be explained considering that testosterone is more lipophilic, with a partition coefficient (log K ow ¼ 3.2) higher than 4-OHA (Table 1) . Based on this structural descriptor, testosterone can rapidly and freely diffuse across lipophilic biological structures (cell membranes, carapaces) to enter target cells (Oren et al., 2004) . The 4-OHA molecule is less lipophilic (log K ow ¼ 2.7) making it more difficult to penetrate the carapace of the mother and affect eggs in the ovary after bioaccumulation. Exposure to these steroids compounds, as a result of their continued discharge to aquatic environment, may result in bioaccumulation. At present, few studies have investigated the bioaccumulation of steroid compounds in daphnids. The available data that reported on the accumulation of steroid estrogens in D. magna were for estrone (Gomes et al., 2004) . They demonstrated that the uptake via the trophic route is likely to be less significant compared to bioconcentration from aqueous medium.
Several steroid hormones have been detected in water and sediment samples (Lai et al., 2000; Thorpe et al., 2003) . Agricultural and other anthropogenic activities are principal non-point sources for steroid hormones in water and sediment systems (Kolpin et al., 2002) . With the increasing significance of EDs on environmental health (Desbrow et al., 1998; Wu et al., 2003 ) the concern about the potential negative ecological effects of steroid hormones has resulted in an increased interest regarding the occurrence, distribution, mobility and persistence of these compounds in soils, sediments and water systems (Ying et al., 2002) .
Steroid hormones undergo sorption and transformation in soils (Jenkins et al., 2003; Lee et al., 2003) and sediments (Lai et al., 2000) . This fact underlines the importance of these processes in the fate and transport of hormones in environment.
Limited studies have been reported on the fate, transport, degradation and mobility of androgenic hormones in soils. Testosterone binds strongly to the organic phase of soil particles and seems more mobile in soils (Lee et al., 2003; Finlay-Moore et al., 2000; Casey et al., 2003 Casey et al., , 2004 Stumpe and Marschner, 2007) and is less resistant against microbial degradation (Stumpe and Marschner, 2007; Horinouchi et al., 2001) ; the degradation pathway and persistence in natural soils are poorly understood (Fan et al., 2007; Stumpe and Marschner, 2007) . Although it was found that testosterone degraded rapidly, it appeared to have a greater potential to migrate to depths in the soil where biodegradation rates are reduced (Finlay-Moore et al., 2000) than the potential for subsurface water contamination to increase.
On the other hand, it is widely recognized that sorption process of hydrophobic organic compounds onto dissolved natural organic matter (DOM) may significantly increase their aqueous solubility (Chiou et al., 1987; Yamamoto et al., 2003) . This solubility enhancement affects the fate of these chemical species in an aquatic environment and water treatment processes (Yamamoto et al., 2003) but the increases in dissolved organic matter concentration result in decreases in bioavailability and the bioaccumulation of these chemicals while attenuating their toxicity. The steroid hormones are one class of hydrophobic organic compounds, poorly soluble in aqueous media, whose sorption is of critical importance for understanding the fate of these compounds in the environment. On other hand, despite the levels of testosterone detected in ng L À1 range we can hypothesize that the presence in lower concentrations of these steroidal compounds may promote unpredictably chronic effects.
Essentially, the actions of androgens are determined by their physicochemical properties and site-specific environmental conditions; however, their effects on wildlife and human health still remain unclear (Fan et al., 2007) .
In the present study, the structural similarity of testosterone, androstenedione, and 4-OHA, as illustrated in Table 1 , produced variable acute and reproductively toxicity to the D. magna. Thus, we hypothesize that testosterone interferes directly with early embryonic development, while 4-OHA interferes, by bioaccumulation, with the later stages of daphnid embryonic development via maternal exposure.
Pharmaceutical active compounds such as reproductive and steroidal hormones introduced continually via sewage effluent into the aquatic environments make these compounds ''pseudopersistent'' pollutants with implications for aquatic organisms (Daughton, 2002) . Due to their importance in human use and to the endocrine-disruption effects, the aquatic toxicity of these compounds needs to be further investigated.
Conclusion
In conclusion, testosterone did not induce acute toxicity in D. magna below its solubility limit. In contrast, chronic exposures markedly impaired reproduction in D. magna resulting in the abortion of eggs mainly at high concentration and in the first brood. The 4-OHA affects the reproduction of daphnids and increased neonate mortality at highest concentration. Neither compound produced changes in growth, moulting, and frequency of reproduction of D. magna. Testosterone interfered directly with normal eggs development with a significant abortive effect, while 4-OHA interfered with normal eggs development with increasing mortality only in the fourth brood. Testosterone and 4-OHA were toxic to aquatic organisms, like Daphnia, at concentrations below its water solubility and the possible environmental hazards of these compounds to aquatic biota should be considered.
